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ABSTRACT
Steinman AD, Hassett MC, Oudsema M, Rediske R. 2018. Alum efficacy 11 years following treatment:
phosphorus and macroinvertebrates. Lake Reserv Manage. 34:167–181.

Internal phosphorus loading and benthicmacroinvertebrate community structure were analyzed at 4
sites in Spring Lake, Michigan, ∼11 yr following an alum treatment. Phosphorus (P) release rates, ben-
thic macroinvertebrate community structure, sediment chemistry, and water quality variables (total
dissolved solids, pH, dissolved oxygen, water clarity) were compared to measurements taken previ-
ously (2003/2004: pre-alum application, 2006: 8 mo post-alum application, and 2010: 5 yr post-alum
application) at the same sites and using comparable methods. Total phosphorus (TP) concentrations
in surface water samples from 2016 (38–45 µg/L) were similar to those measured in 2006 and 2010
(20–80µg/L) at all sites; however, 2016 TP concentrations in thenear-bottomwater at the 2 deeper sites
were elevated (∼250 and 1,000 µg/L, respectively) compared to TP concentrations of<60 µg/L in 2006
and 2010, suggesting internal loadingmay be increasing, at least at these 2 sites. In contrast,maximum
P release rates from the 2016 sediments were similar to or lower than 2010 rates, and an order of mag-
nitude lower than before alum was applied. Phosphorus content in the sediment was fractionated;
loosely sorbed sediment SRP concentrations were very low at all sites. Macroinvertebrate community
was similar in density and composition to the 2010 results. These results are suggestive, but not con-
clusive, that internal P loading is increasing in parts of Spring Lake. Alum application can serve as an
effective short-term solution to the longer-term problem of internal P loading, but its effectiveness is
critically tied to concurrent reductions in external P loading.

Internal nutrient loading is a frequent phenomenon in
shallow, eutrophic lakes throughout theworld, andmay
prevent lake water quality from recovering even after
external loads are reduced (Sas 1990, Jeppesen et al.
2005). Phosphorus (P) release from the sediments usu-
ally occurs via (1) release at the sediment–water inter-
face during periods of anoxia or hypoxia, and the sub-
sequent diffusion of dissolved phosphate into the water
column (Boström et al. 1982); (2) wind-induced resus-
pension and bioturbation at the sediment surface, espe-
cially in shallow lakes, whereby either the sediment
pore water P can be released into the water column or
the P adsorbed to sediment particles can desorb into
the water column (Selig 2003, Steinman et al. 2006,
Cyr et al. 2009, Wang et al. 2009, Matisoff et al. 2017);
and (3) mineralization of organic matter, with subse-
quent release of phosphorus into the water column
(Reddy et al. 1999, Steinman et al. 2014, Huser et al.
2016). In eutrophic lakes, internal loading can account
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for a substantial amount of the total P load (Moore
et al. 1998, Wagner 2017). Indeed, many studies have
shown that reductions in external loading, to levels
where water quality improvement should be detected,
do not have the desired effect because of the counter-
acting release of P from sediments (Björk 1985, Graneli
1999, Søndergaard et al. 2012, Spears et al. 2012).

Although many sediment management technolo-
gies exist to deal with internal loading, one of the
most common practices is chemical treatment (Cooke
et al. 2005). Chemical applications are intended to bind
the P, and usually include aluminum sulfate (alum),
lime, or iron (Cooke et al. 2005, Bakker et al. 2015),
although lanthanum-modified bentonite (Phoslock) is
gaining acceptance, especially outside of the United
States (Robb et al. 2003, Spears et al. 2013, 2016; Epe
et al. 2017). Alum is particularly effective due to its
dual mode of action for P removal. Alum reacts with
soluble P to form an insoluble precipitate (Stumm and
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Morgan 1996). In addition, alum will form an insolu-
ble aluminum hydroxide floc at pH 6–8, which has a
high capacity to adsorb large amounts of inorganic P
(Kennedy andCooke 1982). By these 2mechanisms, an
alum application can bind P and inhibit diffusive flux
from sediments.

Historically, Spring Lake had some of the highest P
concentrations measured in western Michigan lakes;
between 1999 and 2002, TP levels averaged 100 µg/L
and ranged from 6 to 631 µg/L during ice-free periods
(Groves T, Progressive AE, pers. comm.). In response
to concerns from residents regarding impaired water
quality in the watershed, laboratory-based studies to
assess internal phosphorus loading were conducted in
2003 and 2004 using sediment cores from Spring Lake.
Results indicated that internal loading accounted for
55–65% of the TP entering the lake water column on
an annual basis, and that an alum application of 24 mg
Al/L could be effective at reducing TP release from the
sediments (Steinman et al. 2004).

In the fall of 2005, an alum treatment of ∼80 g
Al/m2, a concentration determined by the Michigan
Department of Environmental Quality, was applied by
barge as a liquid slurry to the surface of Spring Lake, in
locations where depths were �4.57 m, or ∼48% of the
lake’s surface area (total application was ∼4.5 million
L). We measured rates of internal P loading and evalu-
ated ecological effects of the alum application in 2006,
∼8 mo after treatment. Our results indicated that the
alum treatment effectively reduced internal P loading
in Spring Lake, but water column phosphorus concen-
trations remained relatively high and overall benthic
invertebrate density had been reduced (Steinman and
Ogdahl 2008). We repeated our analyses in September
2010,∼5 yr post-treatment. We recorded the following
observations at that time: (1) water column TP was
still significantly lower than during 2003 (i.e., before
alum was applied) but had increased from August
2006 (8 mo after alum application); (2) Chlorophyll
a (Chl-a) concentrations in the water column were
lower than what were measured in previous years, but
still remained near or above the eutrophic level; and
(3) maximum internal P loading rates averaged 1.68–
2.81 mg P/m2/d under hypoxic conditions, rates that
were are an order of magnitude lower than before alum
was applied, but had increased since 2006, possibly
indicating that the alum treatment was becoming less
efficient at retaining P (Steinman and Ogdahl 2012).
We repeated our analyses in 2016 using the same

or comparable methods, which allowed us to rigor-
ously assess whether the amount of the original alum
treatment was still effective, as well as the response
of the benthic macroinvertebrate community, ∼11 yr
after it was applied.

Materials andmethods

Site description

Spring Lake is an unimpounded, drowned river mouth
system, located on the western side of Michigan’s lower
peninsula (Fig. 1.). It has a surface area of 5.25 km2,
mean and maximum depths of 6 and 13 m, respec-
tively, and a hydraulic residence time of ∼150 d in wet
periods and ∼330 d in dry periods. The major trib-
utary is Norris Creek, flowing in from the north; the
lake empties into the Grand River, ∼1 km east of Lake
Michigan. The watershed covers ∼134 km2, with main
land use categories (2006 data) of forest (41%), residen-
tial (28%), and cropland/pasture (11%) (Steinman et al.
2015).

Fieldmethods

All samples except macroinvertebrates were collected
on 12 September 2016 from the same 4 locations that
were sampled in previous studies (Fig. 1). Macroin-
vertebrates were collected on 4 October 2016. At each
site, dissolved oxygen (DO), pH, temperature, spe-
cific conductance, Chl-a, and total dissolved solids
(TDS) were measured at the surface, middle, and
bottom of the water column using a YSI 6600 sonde.
Fluoroprobe measurements of Chl-a were validated
with spectrophotometric measurements of extracted
Chl-a (Steinman et al. 2017). Photosynthetically active
radiation (PAR) profiles were measured using a LiCor
Li-193 SA spherical quantum sensor. Secchi disk depth
was measured at each site to estimate water clarity.
Water samples for P analysis were collected with a
Niskin bottle. Water for soluble reactive phospho-
rus (SRP) analysis was syringe-filtered immediately
through 0.45 µm membrane filters into scintillation
vials. Samples were stored on ice until transported to
the laboratory, within 5 h of collection. TP and SRP
samples were stored at 4 C until analysis.

At each of the 4 Spring Lake coring sites, 3 replicate
benthic samples were collected for macroinvertebrate
analysis using a petite Ponar dredge. Upon collection,
the benthic samples were placed in 18.93 L (5 gal)
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Figure . Map of Spring Lake, showing bathymetry (m) of overall lake, and detail at each sampling location (–). Upper left inset shows
location of Spring Lake in the lower peninsula ofMichigan. Flowmoves from station  south to station , and then through the outlet below
station  into the Grand River.

buckets, covered, brought back to the lab, and washed
through a 500 µm sieve under gentle pressure. Each
sample was saved in its entirety and preserved in 95%
ethanol. Rose Bengal stain was added to the ethanol
to aid in sorting invertebrates from organic debris,
and samples were stored until identification in the
laboratory.

Sediment core sampling and laboratory incubation
followed the procedures of Steinman et al. (2004).
Sediment cores were collected from the same 4 sites as
the water quality and invertebrate samples (Fig. 1). Six
sediment cores were collected from each site using a
piston corer (Fisher et al. 1992, Steinman et al. 2004).
The corer was constructed of a graduated 0.6 m long
polycarbonate core tube (7 cm inner diameter) and
a polyvinyl chloride (PVC) attachment assembly for
coupling to aluminum drive rods. The piston was
advanced 20 to 25 cm prior to deployment to maintain
a water layer on top of the core during collection. The
corer was positioned vertically at the sediment–water
interface and pushed downward with the piston cable
remaining stationary. After collection, the core was
brought to the surface and the bottom was sealed with
a rubber stopper prior to removal from the water,
resulting in an intact sediment core that was ∼20 cm
in length, with a 25 cm overlying water column. The

piston was then bolted to the top of the core tube
to keep it stationary during transit. Core tubes were
placed in a vertical rack and placed on ice during
transit. An additional core was collected from each
site for sediment chemistry analysis; the top 5 cm was
removed for the analysis of TP, metals, ash-free dry
mass (AFDM), and % solids in the lab (see below).

Laboratorymethods

Invertebrate samples were placed in a shallow white
pan for sorting. All organisms were identified using a
stereo microscope to the family level, with the excep-
tion of oligochaetes, whichwere identified to class level.

The 24 sediment cores (6/site) were placed in an
environmental growth chamber, with the temperature
maintained to match the mean ambient condition in
the hypolimnion of Spring Lake at the time of col-
lection (Table 1). The water column in 3 of the cores
from each site was bubbled with N2 (with 330 ppm
CO2) to create buffered hypoxic conditions, while the
remaining 3 were bubbled with filtered air to create
oxic conditions.

Internal load estimates were made using the
methods outlined in Moore et al. (1998), with minor
modifications (Steinman et al. 2004). Briefly, a 40 mL
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Table . Selected physical limnological characteristics of sampling sites in Spring Lake.  data in italics,  and  data in black
(nd and rd lines within a cell, respectively),  data in bold (th line). The  data were collected from sites  and  on – June and
from sites  and  on  July;  data were collected on  August;  data were collected on  September;  data were collected on
 September.

Site  Site  Site  Site 

Parameter Surface Bottom Surface Bottom Surface Bottom Surface Bottom

Temp (C) . . . . . . . .
. . . . . . . .
. . . . . . . .
23.6 21.7 23.9 15.4 23.9 23.6 24.4 23.7

TDS (g/L) . . . . . . . .
. . . . . . . .
. . . . . . . .
0.356 0.377 0.342 0.355 0.332 0.330 0.314 0.312

DO (mg/L) . . . . . . . .
. . . . . . . .
. . . . . . . .
7.4 0.3 9.0 0.6 8.0 6.4 9.7 8.0

pH . . . . . . . .
. . . . . . . .
. . . . . . . .
8.6 7.9 8.8 8.2 8.6 8.5 8.8 8.5

Depth (m) . . . .
. . . .
. . . .
8.3 10.6 7.0 5.4

Light extinction Kd . . . .
. . . .
. . . .
0.84 0.86 0.76 1.14

Secchi depth (m) . . . .
. . . .
. . . .
1.1 0.75 0.75 0.5

water sample was removed by syringe through the
sampling port of each core tube at 0 h, 12 h, 1 d,
2 d, 4 d, 8 d, 12 d, 16 d, 20 d, and 25 d. Immediately
after removal, a 20 mL subsample was refrigerated for
analysis of TP and a 20 mL subsample was filtered
through a 0.45 µm membrane filter and stored at 4 C
for analysis of soluble SRP. SRP and TP were analyzed
on a Seal AQ2 Discrete Analyzer (USEPA 1993). SRP
values below detection were calculated as one-half
the detection limit of 5 µg/L. The 40 mL subsample
was replaced with filtered water collected from the
corresponding site in the lake; this maintained the
original volume in the core tubes.

Flux (P release rate) calculations were based on the
change in water column TP or SRP using the following
equation (Steinman et al. 2004):

Prr = (Ct−C0)V/A (1)

where, Prr is the net P release rate (positive values) or
retention rate (negative values) per unit surface area
of sediments, Ct is the TP or SRP concentration in the

water column at time t, C0 is the TP or SRP concentra-
tion in the water column at time 0, V is the volume of
water in the water column, and A is the planar surface
area of the sediment cores. Maximum P release rate
was calculated over the time period that resulted in the
maximum apparent release rate, with the caveat that
the initial and final samplings could not be consecutive
dates to avoid potential short-term bias. This is consis-
tent with how release rates were calculated in previous
studies, and allows for easy comparison of alumefficacy
over time.Wepresent only theTP internal loading data;
many of the SRP concentrations were below detection
thereby limiting the ability to make any definitive
conclusions.

Following the incubations, the top 5 cm of sed-
iment was removed from each core. The sediment
was homogenized and subsampled for metals (Fe,
Al, Ca, Mg) analysis and AFDM. Metals were ana-
lyzed using EPA method 6010b (USEPA 1996). The
ashed material was analyzed for TP as described pre-
viously. Another subsample (5 g) of wet sediment was
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centrifuged to remove excess porewater and sequen-
tially fractionated (Psenner et al. 1988 modified by
Hupfer et al. 2009). The 1.0 M NH4Cl extraction pro-
duces the loosely sorbedP; the 0.11Mbuffered dithion-
ite (BD) extraction produces reductant-soluble P (iron
oxides and Mn-bound); the 1.0 M NaOH extraction
produces Fe- and Al-bound P, which are mineral asso-
ciations that can become soluble under hypoxic condi-
tions; and finally, the 0.5 M HCl extraction produces
Ca-bound P, which represents a stable mineral asso-
ciation. This variation from our prior fractionation
scheme (Steinman and Ogdahl 2008, 2012) provided
greater detail on mobile P fractions; potential implica-
tions of the change are included in the Discussion.

Statistical analysis

Invertebrate taxa counts at each site were converted to
densities (# organisms/m2) and averaged from repli-
cate sediment samples. Mean invertebrate density and
mean total invertebrate density for all taxa were ana-
lyzed at each site and as a lake-wide (4 sites) mean
across all sampling years using either 2-tailed t-tests
or Mann–Whitney rank sum tests. Normality assump-
tions were tested using Shapiro–Wilk tests. Equal vari-
ance across samples assumptions were tested using
Brown–Forsythe tests. Total invertebrate density was
calculated by pooling taxonomic groups within sites or
lake-wide using the same methods. Significant differ-
ences were detected using α = 0.05.

TP release rates under hypoxic and oxic conditions
and maximum TP release rates under hypoxic condi-
tions for each core replicate were averaged separately
within each site. Mean maximum TP release rates were
compared for individual sites across all 4 sampling
years using 2-tailed t-tests orMann–Whitney rank sum
tests. P fractionation data were analyzed with a 2-way
ANOVA, with site (4 levels) and redox state (2 levels)
as themain factors. Normality assumptions were tested
using Shapiro–Wilk tests. Equal variance assumptions
were tested using Brown–Forsythe tests. Data failing to
meet assumptions of normality or variance were trans-
formed with logarithmic, square root, reciprocal, or
Box–Cox transformations. Significant differences were
detected using α = 0.05.

Results

Lakewater quality

Sites 1 and 2 were deeper than sites 3 and 4 (Table 1).
Surface and bottom temperatures were similar at all

siteswith the exception of site 2 bottom,whichwas sub-
stantially cooler than all other locations. Temperature
profiles were generally uniform at sites 1, 3, and 4 sug-
gesting a well-mixed water column. TDS values ranged
from 0.312 to 0.377 g/L, with slightly lower values at
sites 3 and 4 than sites 1 and 2; values were generally
similar to previous years. Surface DO ranged between
7.4 and 9.7 mg/L at all sites (Table 1); however, bottom
DO was hypoxic at sites 1 and 2, but above 6 mg/L at
sites 3 and 4. The very low bottom DO at sites 1 and
2 mimic the conditions in 2006, and would likely pro-
mote internal P loading to the water column if the alu-
minum is no longer effectively binding P.

Light extinction coefficients were lower than those
measured in prior years; Secchi depths weremuch shal-
lower than prior years, and consistent with the light
extinction coefficients (Kd) values, which were asmuch
as 50% of previous years (Table 1), although interpreta-
tion of these relatively infrequent observations should
be done with caution. This reduced irradiance through
the water column is not due to TDS, since concentra-
tions were similar as in the past when transmittance
values were higher, or to Chl-a concentrations (see
below), as they were similar or lower than in previ-
ous years. We suspect the shallow Secchi depths may
be related to dissolved organic matter or suspended
solids. Values of pH generally were more alkaline than
in prior years, with some sites increasing by 0.6 to 0.8
units (Table 1).

Chl-a concentrations ranged from 6.7 (site 2 bot-
tom) to 14.5 (site 4 bottom) µg/L and were generally
lower than in 2006 or 2010 (Fig. 2). SRP concen-
trations from near-surface were below detection at
all sites (Fig. 2); they were below detection in near-
bottom samples at the relatively shallow sites 3 and
4, but reached concentrations of 175 and 932 µg/L at
sites 1 and 2, respectively (Fig. 2). Moderately high
TP concentrations (∼40–50 µg/L) were measured in
the near-surface samples at all sites, as well as the
near-bottom at shallow sites 3 and 4, but similar to
SRP concentrations, were elevated at deeper sites 1
and 2 (Fig. 2). Mean surface water SRP and TP con-
centrations in 2016 remained similar to, or lower than,
surface water concentrations from 2006 and 2010
(Fig. 2). In addition, bottom-water concentrations at
sites 3 and 4 in 2016 were very similar to what we
measured in 2006 and 2010 (Fig. 2). However, the
very elevated 2016 near-bottom water concentrations
at sites 1 and 2 compared to 2006 and 2010 suggest
internal loading may be starting to develop at these
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Figure . a) Chlorophyll a, b) SRP, and c) TP concentrations from
samples collected at the  sites in Spring Lake in  (pre-alum),
, , and . Note that for SRP and TP, data are presented
as near surface and near bottom in the water column.

deeper sites, or may have started in prior years, given
that our 2016 sampling date was later in the year than
2006 or 2010, allowing for potential P accumulation in
the deeper waters of Spring Lake.

Macroinvertebrates

Four major groups of benthic invertebrates were iden-
tified in the Spring Lake sediments (Fig. 3). The overall
pattern of invertebrate density in 2016 was similar to
what was observed in 2010. Chaoborids continued to
dominate the invertebrate fauna, in contrast to 2004
and 2006, when oligochaetes dominated the benthic
community (Fig. 3). Chironomid and ceratopogonid

densities were both very low, similar to 2010 (Fig. 3).
No one site dominated in terms of invertebrate density.
In 2016, chironomids were most abundant at site 1,
but overall densities were low at all 4 sites (Fig. 3
and Supplement). In prior years, site 4 had the most
chironomids, although densities have been relatively
low at all sites since 2004 (Fig. 3 and Supplement).
Comparisons with prior years showed that chirono-
mids were significantly lower in 2016 than in 2004
and 2006 on a lake-wide basis, and significantly lower
than all other years at site 4 (Supplement). Chaoborid
density was ∼4 × higher at site 2 than at sites 1 and 3
in 2016; site 2 historically has had relatively high chao-
borid densities, although not to the extent observed
in 2016 (Fig. 3 and Supplement). In contrast to the
temporal trend for chironomids, chaoborid densities
significantly increased in 2016 compared to 2004 and
2006 at site 3, and on a lake-wide basis relative to 2006
(Supplement). Oligochaete density was highest at site 1
in 2016, where densities have not significantly changed
over time (Fig. 3 and Supplement). Overall, densities of
this group plummeted in 2006 and 2010, especially at
sites 3 and 4, and in 2016 continued to be significantly
lower than in 2004 on a lake-wide basis and at sites 3
and 4 (Supplement). Ceratopogonid density was low
overall, similar to prior years, and they were absent
entirely from sites 1, 2, and 3 (Fig. 3 and Supplement).

Analysis of total invertebrate density revealed gen-
erally similar numbers in 2016 as what was observed
in 2010, but were significantly greater than in 2006
(Fig. 4). The overall grandmean of 2904 organisms/m2

is similar to our measurements in 2010 (3109/m2),
and remains lower than 2004 but not significantly so
(Fig. 4). Sites 1 and 2hadhighermean invertebrate den-
sities than sites 3 and 4 in 2016, which is reversed from
our observations in 2004 (Fig. 4). The overall densities
in 2016 are heavily biased by one invertebrate group at
one site: chaoborids at site 2. Overall densities at sites 3
and 4 were still significantly lower in 2016 than in 2004
(Fig. 4).

Phosphorus release from sediment incubations

Maximum mean TP flux under hypoxic conditions
ranged from 0.63 to 1.94 mg TP/m2/d, with lower rates
at the 2 sites with shallow depths (Table 2). These
mean rates were not statistically different from those
measured in 2010, and remained significantly lower
than those measured in 2003 at all sites, prior to the
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Figure . Mean (± SE) invertebrate density of each major taxonomic group identified at each site in Spring Lake in , , , and
.

alum application (Table 2). These data are consistent
with the relatively low TP concentrations measured
near-bottom at sites 3 and 4 (∼0.05 µg/L), but con-
trast with the near-bottom TP concentrations at sites
1 and 2 (Fig. 2), where TP concentrations of ∼250 and
1000 µg/L, respectively, suggest the presence of inter-
nal loading at these sites. There was no statistically
significant difference in TP release rates between the
hypoxic and oxic treatments at any of the sites (P >

0.05), although the difference at site 2 was marginally
significant (P = 0.086; data not shown).

Figure . Mean (± SE) total invertebrate densities in Spring Lake
in , , , and . Different letters within a site indicate
statistically significant differences among years.

Table . Maximum TP release rate (hypoxic conditions) from sedi-
ment cores. Units in mgP/m/d. Different letters within a row sig-
nify significant difference among years at P< ..

Site    

 . ± .a . ± .c . ± .b . ± .b

 . ± .a . ± .b . ± .b . ± .b

 . ± .a . ± .b . ± .b . ± .b

 . ± .a − . ± .c . ± .b . ± .b

The maximum mean TP concentration measured
in the overlying water column under hypoxic condi-
tions increased 155% and 64% at sites between 2016
and 2010 at sites 2 and 4 but declined 15% and 9% at
sites 1 and 3 (Table 3). All the maximum mean con-
centrations were still well below those measured from
pre-alum sediment cores, despite more than doubling
at site 2. Direct comparisons of 2010 and 2016 data
with 2003 and 2006 should be made with caution, as
the 2003/2006 sampling dates took place earlier in the
year than in 2010/2016, and might be expected to yield
lower values.

Sediment TP in 2016 (as a function of dry weight)
prior to incubation ranged from 77 (site 4) to 1837
(site 2) mg/kg (Fig. 5). The 2016 sediment TP
concentrations were generally similar to those mea-
sured in 2010 with the very distinct exception of site 4,
where the sediment TP concentration was remarkably
lower than in 2010. Sediment AFDM data were con-
sistent with TP concentrations, ranging from 5.6% at
site 2 to 68.9% at site 4 (data not shown). We speculate
that we encountered an area of high inorganic deposits
at site 4, which contained less organic matter and,

Table . MaximumTP concentration released from sediment cores
measured under hypoxic conditions in the laboratory from 
(pre-alum), , , and . Note that sampling times varied
among years. Units in µg/L.

Site
(sampling
date)


(/ Jun:
sites  & )

( Jul: sites  & )

( Aug)


( Sep)


( Sep)
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Figure . TP concentration (mg/kg) in dry sediment collected in
, , , and . To facilitate comparisons among years,
the data shown represent post-anoxic incubation conditions.

therefore, lower TP concentrations. We believe this is
an isolated area given that we have not encountered
sediment of this nature previously, but more spatially
intensive sampling would be needed to have greater
confidence in this belief.

Sediment fractionation revealed the following
trends (Fig. 6): (1) the NH4Cl-extractable SRP frac-
tion (loosely bound P) was very low at all sites, with
significantly lower amounts at site 4, although it is
unlikely this difference had any ecological impact
given the very low overall concentrations (Fig. 6);
(2) site had a significant effect for both the BD- and
NaOH-extractable SRP fractions, with site 2 having the
largest amounts and site 4 having the smallest amounts
of these fractions; in contrast, site had no significant
effect on the HCl-extractable SRP fraction (Fig. 6); and
(3) the oxidation state had no significant impact on
any fraction (Fig 6).

As was the case in prior years, calcium was the most
abundant metal at all sites (Fig. 7). Aluminum con-
centrations declined between 2010 and 2016, with the
decline most dramatic at site 4 (Fig. 7). Calcium, iron,
and magnesium concentrations were relatively similar
over the years at sites 1–3, except again for the decline
between 2010 and 2016 at site 4 (Fig. 7).

Discussion

Internal P loading can be a significant source of nutri-
ents in shallow, eutrophic lakes, and can result in seri-
ous impairment to water quality (Welch and Cooke
1995, 1999; Søndergaard et al. 2001, Nürnberg and
LaZerte 2004, 2016; Matisoff et al. 2016, Qin et al.
2016). Even when external loading rates are relatively

low, high diffusive flux and internal loading from bio-
turbation or sediment resuspension can help trigger
and/or sustain algal blooms. The ecological and soci-
etal implications of internal P loading rates, especially
as it relates to harmful algal blooms, includes aesthetic
issues and potential human health concerns (Codd
et al. 1999, Zhao et al. 2016), often prompting manage-
ment strategies in lakes where rates are high.

Although prior studies have shown that chemical
inactivation treatments, such as alum, usually have
short-term benefits (Welch and Schrieve 1994, Welch
andCooke 1999, Cooke et al. 2005, Egemose et al. 2010,
Wagner et al. 2017 and references therein), the ques-
tion of long-term effectiveness is less clear. Effective-
ness of alum treatments generally has ranged from ∼4
to 20 yr, and is dependent on many factors, including
(1) lake morphometry (Welch and Cooke 1995, 1999);
(2) the amount of alum added to the system (Rydin
andWelch 1998, Lewandowski et al. 2003, Jensen et al.
2015); (3) bioturbation (Van Rees et al. 1996, Mati-
soff and Wang 1998, Nogaro et al. 2016); (4) macro-
phyte cover (Welch and Schrieve 1994, Welch and
Cooke 1999); (5) water column pH (Rydin and Welch
1998, Lewandowski et al. 2003); (6) sedimentation rate
(Lewandowski et al. 2003); (7) the magnitude of inter-
nal loading from shallow areas not treated by alum
(Nixdorf and Deneke 1995, Søndergaard et al. 1999
but see Huser 2017); (8) aging (crystallization) of the
Al(OH)3 floc (Berkowitz et al. 2006, de Vicente et al.
2008); and (9) perhapsmost important of all, the degree
to which external loads have been reduced following
the alum treatment (Hansson et al. 1998, Lewandowski
et al. 2003, Mehner et al. 2008), as continued inputs
of high phosphorus loads will fuel the production of
new biomass, which becomes the basis for future inter-
nal loads to the system (Carpenter 2005, Sharpley et al.
2013, Motew et al. 2017). A recent meta-analysis by
Huser et al. (2016) found the 3 most important vari-
ables explaining alum treatment longevity were Al dose
(47% of variation explained), an index related to lake
hydraulic residence time (32% of variation explained),
and lake morphometry (3% of variation explained).

The results from our current study provide evi-
dence, albeit not conclusive, that the Spring Lake alum
treatment in 2005 is starting to lose its effectiveness.
This conclusion is based largely on the SRP and TP
data from the near-bottom depths at sites 1 and 2,
where concentrations exceeded even the pre-alum P
concentrations. The very high 2016 concentrations
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Figure . SRP concentrations from sediment fractionation shown for oxic (black bars) or hypoxic (gray bars) treatments per site. Different
letterswithin eachpanel indicate statistically significant differences among sites. Note that the y-axis scale is different for panel A (NHCl—
loosely sorbed).

coincided with very low DO concentrations in the
hypolimnion, suggesting redox-catalyzed release of P
that would be bound to Fe oxides and oxyhydroxides
under oxic conditions (Boström et al. 1982). DO con-
centrations during the 2010 sampling were �3.9 mg/L
at all near-bottom sites, so it is not surprising that P
concentrations were relatively low; however, DO con-
centrations were �0.5 mg/L at the near-bottom of sites
1 and 2 in 2006, yet TP concentrations were <50 µg/L,
far less than the 250 and 1000 µg/L measured at these
sites in 2016. While this suggests that the alum in 2006
was still effective in binding P even under lowDO con-
ditions, it is possible that redox potential, which we did
not measure, may have continued to decline even after
oxygen was depleted; low oxygen alone may not be the
best predictor of the rate of P release. Nonetheless, by
2016, the P putatively released during hypoxic condi-
tions was no longer being sequestered by the alum, and
instead was accumulating in the hypolimnetic zone. In
addition to redox-related release, it is also possible that
mineralization of organic matter may account for the
accumulated phosphorus, which has been observed in
other systems (cf. Watts 2000, Jensen et al. 2015).

The measured P release rates in 2016 were very sim-
ilar to, if not lower than, those measured in 2010 at
sites 1 and 2. We expected high release rates at these
sites, given the elevated hypolimnetic P concentra-
tions. However, if anoxic/hypoxic conditions persisted
throughout the summer, it may be possible for P to
accumulate in the deeper regions of the lake even at low
release rates. The shallower sites 3 and 4 continued to
have both low release rates and relatively low P concen-
trations that have been measured in other post-alum
treatment years; this is consistent with their shallow
depths, where water mixing can oxygenate the entire
water column. Indeed, the 2016 DO levels at these sites
were >6 mg/L, even at the near-bottom.

Another anomalous result was the lack of differ-
ence in P release rates for oxic vs. hypoxic treatments.
Under oxic conditions, phosphate binds to oxidized
iron (Fe3+) minerals, preventing P-rich porewater
from diffusing into the water column (Mortimer 1941,
1942). However, under hypoxic conditions, the Fe3+

is reduced to Fe2+, and in the process liberates phos-
phate. Our prior studies in Spring Lake (Steinman et al.
2004, 2006; Steinman and Ogdahl 2008, 2012) have
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Figure . Grandmeans (±SD) of aluminum (Al), calcium (Ca), iron (Fe), and magnesium (Mg) in sediment cores from Spring Lake in ,
, and . Metals were not measured in /. Note different scales for the y-axes.

clearly shown much greater P release rates, especially
at sites 1 and 2, under hypoxic vs. oxic conditions, as
expected. With the exception of site 4, sediment metal
concentrations in 2016 were very similar to prior years,
so it is unlikely that metal chemistry accounted for the
similar release rates in hypoxic and oxic conditions
in 2016. In addition, DO concentrations at the end of
the incubations in the overlying water were sufficiently
depleted (1.38± 0.18 mg/L) in non-oxygenated waters
to promote P release, so the lack of increased internal
P loading in the hypoxic treatments was not because
of oxic conditions.

The accumulation of P in the hypolimnion at sites
1 and 2 appears to have had limited effect on phy-
toplankton biomass in the surface waters, as surface
Chl-a concentrations at these sites were 2.5 × lower
than pre-alum and ∼two-thirds of concentrations
measured in 2010, although still relatively high at
7–15 µg/L. Prior studies have indicated that P release
from internal loading may stimulate phytoplank-
ton production (Nürnberg and Peters 1984, but
see Cymbola et al. 2008), although other factors

control phytoplankton biomass besides P concentra-
tion, including light availability, zooplankton grazing,
and hydraulic residence time (flushing). Chl-a concen-
trations at sites 3 and 4 were relatively uniform through
the water column, reflecting the water column mixing
at these shallow sites; 2016 concentrations were similar
to those of 2006 and 2010 (Table 2). In general, Chl-a
concentrations continued the trend of modest reduc-
tion at sites 1 and 2, but modest increases at sites 3 and
4. Given that snapshot samples of a dynamic metric
such as Chl-a can be misleading, as concentrations
change quickly, these comparisons should be viewed
cautiously.

In contrast to chemical water quality parameters,
biological indicators, such as benthic macroinverte-
brates, respond to and incorporate a wide range of
environmental disturbance and quality gradients (Dixit
et al. 1992, Karr 1993, Johnson 1998, Bonada et al.
2006). Benthic invertebrate community composition
and density have been shown to be effective indica-
tors of water quality because they are comparatively
easy to sample in a quantitative manner; their relatively
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narrow range of mobility, range of sensitivities to con-
taminants, and long life histories allow them to inte-
grate environmental conditions over time (Cook and
Johnson 1974, Wiederholm 1984, Nalepa et al. 2000,
Purcell et al. 2009).

Our post-alum application data revealed that over-
all benthic invertebrate density declined in Spring Lake
the year after treatment, likely because of smothering
by the alum floc, but that overall invertebrate den-
sity in 2016 was significantly greater than that mea-
sured in 2006, suggesting sustained recovery. However,
densities at sites 3 and 4 were still significantly lower
than in 2004, prior to the alum treatment. Densities in
2016 were similar to those measured in 2010, with the
only statistically significant difference occurring at site
3, where density was greater in 2010 compared to 2016.
These results are consistent with those of Smeltzer et al.
(1999), who found that following an initial decline
in invertebrate richness and density, recovery to pre-
treatment levels occurred within 2 yr and significant
increases above pre-treatment levels were evident after
10 yr.

Macroinvertebrate community composition in 2016
also was very similar to that observed in 2010. Chao-
borids were the most abundant group overall, as was
the case in 2010, and were especially prominent at
site 2. Increases in chaoborid density following alum
application have been documented in other studies
(Narf 1990, Doke et al. 1995) and attributed to a
change in increased rotifer populations as water qual-
ity conditions improved (Doke et al. 1995). Chao-
borids can tolerate a wide range of water quality con-
ditions, including pollution degradation (Hilsenhoff
1987). Oligochaete density was not significantly differ-
ent between 2016 and 2010 at any site. Although cer-
atopogonid density was significantly lower at site 3 in
2016 compared to 2010, the very low absolute densi-
ties in both years likely resulted in minimal ecological
impact. Chironomids and ceratopogonids are gener-
ally considered pollution-tolerant organisms, although
there is variation within species; the low densities of
these groups in Spring Lake may be indicative of alum’s
continued benefits.However, there is considerable vari-
ation in pollution tolerance among species (Steinman
and Ogdahl 2012), and our level of taxonomic resolu-
tion was too coarse to examine changes at that level.

Sediment fractionation revealed very low amounts
of the NH4Cl-extractable SRP fraction (loosely sorbed)
in Spring Lake, regardless of site. In 2016, we altered

our fractionation scheme to include 4 fractions. In par-
ticular, we were interested in the amount of loosely
sorbed (highly bioavailable) P in the sediment, which
we had not measured previously, as any future cal-
culations of possible alum reapplication rates should
focus on the readily available P in the sediment (loosely
sorbed and redox sensitive) instead of simply total P
(Pilgrim et al. 2007). Although loosely sorbed P was
in very low amounts, the redox sensitive (BD) fraction
was more substantial at all sites, providing potential
sorption sites for P under oxic conditions but serving
as source sites during hypoxia. The NaOH-extractable
SRP reflects the Al- and Fe-bound phosphorus frac-
tion, which usually increases after alum dosing (Rydin
and Welch 1999, Reitzel et al. 2005, Welch et al. 2017).
This fraction’s greater abundance at site 2 suggests pos-
sible focusing of alum-bound P at this site compared
to the other sites; this location had the greatest water
depth and would have the greatest water column stabil-
ity. While still relatively abundant, the HCl-extractable
SRP fraction was lower in 2016 than in prior years.
Given the relatively high Ca concentrations in the sed-
iment, one would expect HCl-extractable P fraction
to have remained high; previously, we speculated the
P that was loosely bound to the alum floc may have
become exchanged with soluble Ca, thereby causing
the increases we measured in 2006 and 2010 (Stein-
man and Ogdahl 2008, 2012). There is no evidence of
that in 2016, however. It is possible that the change in
extraction methodology may have resulted in less effi-
cient extraction of Ca-P compared to the 2010method.
For example, even though the HCl molarity was the
same for bothmethods, the extraction timewas 16 hr in
2016 vs. 24 hr in previous years. In addition, the NaOH
molarity was 0.1 M in 2006 and 2010 vs. 1 M in 2016.
The shorter extraction time in 2016 plus the greater
molarity of the NaOH solution may have reduced the
efficiency of the HCl extraction.

The external load to Spring Lake, based on data
from Lauber (1999), was estimated to vary between 2.2
(dry years) and 4.7 (wet years) Mg/yr (metric ton/yr),
accounting for 35–45% of the (pre-alum) total load in
Spring Lake (Steinman et al. 2004). Internal P loading,
based on sediment P release incubations in the labo-
ratory, has declined about 10-fold between 2003 and
2016 (Table 2). In addition, land use change analyses
revealed that between 1978 and 2006 the amount of
residential land and mean impervious surface area in
the watershed have each approximately doubled, with
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most of that change immediately adjacent to the lake,
contributing to greater surface runoff (Steinman et al.
2015). Hence, the role of external loading relative to
internal loading to Spring Lake has almost certainly
increased in magnitude since the alum treatment, sug-
gesting nutrient management needs to focus on both
external and internal loading.

In conclusion, our 2016 study generated mixed
results. The hypolimnetic P concentrations in the bot-
tom waters at sites 1 and 2 strongly suggest internal
loading has returned to Spring Lake and is contributing
significant phosphorus, at least in the deeper portions
of the lake; however, the sediment release rates remain
relatively modest and very similar to those measured
in 2010, when there was no evidence of significant P
accumulating at sites 1 and 2. The data are suggestive
that the alum treatment is losing its efficacy; if so, pos-
sible reasons include (1) the alum floc being focused to
deeper waters in Spring Lake, and thus not covering as
much of the sediment area as it did immediately after
application; and (2) the alum’s binding sites are becom-
ing saturated, and can no longer effectively bind more
P that is being made available from internal or external
sources.

We acknowledge that our results also are conflated
by sampling during different periods in each of the 4 yr;
for example, the high hypolimnetic P concentrations in
the deeper sites in 2016 may have been due to our later
sampling date that year (mid-Sep), allowing P to accu-
mulate. However, our 2010 measurements, taken just a
week earlier than in 2016, revealed far more modest P
concentrations. Of course, different weather and strat-
ification patterns among years also may account for
these differences. Regardless of mechanism, the over-
all TP and Chl-a concentrations in the water column
of Spring Lake remain high, and suggest the continued
need for water quality improvements in Spring Lake.
Recommendations for the type and placement of Best
Management Practices (BMPs) in the watershed have
been previously identified. Modeling results indicated
that if infiltration BMPs, filtration BMPs, regional stor-
age areas, and site-specific BMPs held on publicly held
lands were fully implemented, TP and TSS loads would
be reduced by 15% and 17%, respectively (Steinman
et al. 2015).

Our current results illustrate what has been cau-
tioned in previous studies (Steinman et al. 2006, 2015;
Steinman and Ogdahl 2008, 2012): alum application
is a short-term solution to the longer-term problem

of internal P loading and its long-term effectiveness is
critically tied to concurrent reductions in external P
loading (but see Brattebo et al. 2017).
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